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A B S T R A C T

Seagrass beds are key blue carbon ecosystems but their capacity to sequester carbon is threatened by microplastic 
(MP) pollution in the marine environment. A 28-day mesocosm experiment examined the effect of microplastics 
and nutrient enrichment (NE) on eelgrass (Zostera marina). We tested concentrations of 320 mg MPs per 100 g 
DW sediment− 1 and 70 mg of total nitrogen per 100 g DW sediment− 1 to evaluate impacts on plant performance, 
microbiome composition and detritus decomposition (after 60-days assay). MPs reduced leaf growth rate (− 39 
%), net production (− 57 %) and rhizome elongation (− 35 %), while NE shifted microbial assemblages, 
increasing phyllosphere and rhizosphere by 1.6-fold. MPs favored the growth of microbial taxa related with the 
consumption of plant-derived polysaccharides and lignin compounds (1.7-fold higher), accelerating detritus 
decomposition by 1.5-fold. Critically, MPs produced a notable decrease of bacteria involved in sulfur-cycle (0.45- 
fold lower under combined MPs + NE vs. NE alone), disrupting REDOX processes essential for seagrass survival 
in reducing sediments. By reducing plant growth, altering microbial communities and accelerating organic 
matter turnover, MPs compromise the carbon sequestration capacity of eelgrass meadows. These findings evi
dence the need for policies addressing plastic pollution to safeguard seagrass ecosystem services while prompt 
further research on mechanisms of interaction between MPs and biota.

1. Introduction

Seagrasses are marine foundation species that form ecologically and 
socio-economically critical yet threatened coastal habitats. They provide 
essential services such as carbon sink (Fourqurean et al., 2012), provi
sion of shelter and food for marine fauna (McHenry et al., 2021; 
Jiménez-Ramos et al., 2021), wave attenuation (Infantes et al., 2011), 
shoreline stabilization (Infantes et al., 2022), and water quality 
improvement via particle trapping (Luhar et al., 2017). Despite their 
ecological importance, seagrass meadows have declined by ~20 % 
globally since the 19th century (Dunic et al., 2021), primarily due to 
anthropogenic stressors (eutrophication and climate change) and natu
ral threats (disease, invasive species, among others) (Waycott et al., 
2009; Unsworth et al., 2019). These stressors reduce meadow density 
and cover and disrupt ecosystem functions and services, including car
bon cycling (Jiménez-Ramos et al., 2022; Yamuza-Magdaleno et al., 
2025), potentially releasing buried carbon through remineralization 
processes (Egea et al., 2023a; Yamuza-Magdaleno et al., 2024).

Emerging contaminants such as sunscreens (Vilaplana et al., 2025), 
pharmaceutical residues (Egea and Jiménez-Ramos, 2025a) and 
microplastics (MPs; 1 μm–5 mm plastic debris; Kershaw, 2015) further 
threaten seagrasses in recent years. Polyethylene (PE) and poly
propylene (PP) –the most abundant polymers in marine environments 
(Erni-Cassola et al., 2019)– accumulate in seagrass canopies and sedi
ments (Egea et al., 2023b; Dahl et al., 2021). The accumulation of MPs in 
sediments is particularly favored by epiphytic bacteria via biofilm for
mation on the surface of MPs, causing them to sink (Zhao et al., 2022). 
While MPs impacts on marine fauna are well understood (Gall and 
Thompson, 2015), effects on submerged vegetation remain poorly un
derstood (Li et al., 2023).

Although research indicates that seagrass beds act as a sink for MPs 
(de los Santos et al., 2021), little attention has been paid to the impact of 
MPs on the carbon sequestration capacity of this blue carbon ecosystem 
(Hou et al., 2024). MPs may alter the sediment properties (e.g. grain 
size, permeability; Wang et al., 2016) indirectly affecting organic carbon 
(OC) storage, which correlates with sediment characteristics in Zostera 
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spp. (Serrano et al., 2016). In addition, MPs may alter the seagrass OC 
stock by alterations of microorganisms associated to these plants. In fact, 
rather than isolate organisms, animals and plants are viewed as “hol
obionts” or hosts for a myriad of both, symbiotic and non-symbiotic, 
microorganisms known as microbiome (Zilber-Rosenberg and Rosen
berg, 2008). Seagrasses host a wide variety of microorganisms on their 
aboveground (i.e., phyllosphere) and belowground (i.e., rhizosphere) 
biomasses (Ugarelli et al., 2017). Microbiome is fundamental to nearly 
every aspect of its host and microbe–plant mutualisms have been re
ported to carry out a broad range of functions that may benefit the host 
plant, including growth and resistance to environmental stressors 
(Crump et al., 2018). Furthermore, microbiome seems to be a key 
component of community primary production by photosynthetic bac
teria itself (Zhang et al., 2022) and enhanced nutrient availability and 
growth of the plant host (Tarquinio et al., 2019). Thus, microbiome 
represents a key and often overlooked component in the seagrass 
ecosystem service of carbon sequestration (Zhang et al., 2022, 2025).

Seagrass responses to MPs pollution might be modulated by 
anthropogenic nutrient load, as it represents a major stressor in coastal 
systems inhabited by seagrasses (Burkholder et al., 2007). Nutrient 
enrichment exacerbates seagrass decline by promoting opportunistic 
algae (Han et al., 2016), ammonium toxicity (Govers et al., 2014) and 
herbivory (Jiménez-Ramos et al., 2018). At community level, nutrient 
enrichment shifts meadows from autotrophic (i.e., with higher primary 
production than community respiration) to heterotrophic (Egea et al., 
2020; Jiménez-Ramos et al., 2024a), and reduces sediment OC (Jiang 
et al., 2022; Zhang et al., 2025). These responses are mediated by the 
associated community (Jiménez-Ramos et al., 2017) and microbe–plant 
mutualisms (Zhang et al., 2022; Fuggle et al., 2023). For instance, the 
narrow oxic microzone surrounding roots is usually dominated by 
microaerophilic sulfide-oxidizing bacteria, which prevent sulfide accu
mulation (a potent plant phytotoxin; Lamers et al., 2013) in sediment 
surrounding the plant. That sulfide-oxidizing bacteria assemblage can be 
modified under nutrient enrichment condition triggering important 
consequences for seagrass performance (Fuggle et al., 2023). On the 
other hand, previous studies reported higher bacteria activity involved 
in sediment organic carbon (SOC) degradation under nutrient enrich
ment condition (Liu et al., 2017; Zhang et al., 2022), suggesting that 
higher nutrient load may reduce seagrass carbon sequestration poten
tial. Therefore, changes in the microbiome of seagrass induced by higher 
nutrient load lead the response of the community to nutrient enrich
ment; but, likewise, might alter the resistance or resilience capacity of 
the plant to MPs pollution.

In this study, a set of laboratory experiments were performed to 
address the following questions: (1) How MPs and nutrient enrichment 
interactively affect Zostera marina morphology, growth, and produc
tion? (2) How these stressors alter the eelgrass microbiome and how this 
can lead the response of the community? To answer these questions, a 
28–days indoor mesocosms containing transplanted Zostera marina 
shoots was conducted to quantify how incidences of MPs, higher 
nutrient load, or both stressors in combination alter the plant perfor
mance, microbiome, and the carbon sequestration capacity of seagrass 
beds.

2. Material and methods

2.1. Experimental design

The study was conducted in indoor mesocosms at Kristineberg Center 
for Marine Research and Innovation (Sweden) during June–September 
2024. A full-factorial experiment was designed to test the individual and 
interactive effects of microplastics pollution and high nutrient enrich
ment in sediments. Four treatments were designed: control (CT, sedi
ment without additives), nutrient-enriched (NE; 70 mg total nitrogen 
per 100 g dry weight sediment, using slow-release Osmocote™ fertilizer, 
N:P:K 22:7:14, based on Peralta et al., 2003), microplastic (MPs; 320 mg 

of polyethylene and polypropylene particles per 100 g dry weight 
sediment), and a combined nutrient-microplastic (NE-MPs, sediment 
with both nutrient and MP additions). Low-density polyethylene (LDPE) 
and polypropylene (PP) plastic types were selected as they dominate 
marine plastic pollution and are frequently found in seagrass sediments 
(Erni-Cassola et al., 2019; Huang et al., 2020). The MPs exposure con
centration corresponding to approximately 900 particles per kg DW of 
sediment, which was in the range of the maximum values found in 
seagrass sediments (up to 884 particles per kg DW sediment; Huang 
et al., 2020). However, instead of making a MPs pattern in this experi
ment that fully match what was observed in seagrass sediments –with 
fibres (≈38 %) and fragments (≈43 %) as the dominant morphology and 
sizes below 250 μm; Huang et al., 2020– a commercially available (with 
similar composition) were used to ensure the reproducibility of the ex
periments in future research. The MPs were generated from transparent 
LDPE and PP plastic containers (Rotviksbro Handel AB, Uddevalla, 
Sweden) using a bullet blender to produce irregular spherical fragments 
representative of environmentally weathered plastics. Particle size 
analysis was conducted using an Olympus BX50 microscope coupled 
with cellSens software (Olympus, Tokyo, Japan) yielded mean di
ameters of 562 ± 34 μm for LDPE and 856 ± 61 μm for PP, (n = 5). 
These values were well below the upper size limit (5000 μm) for 
microplastics (Barnes et al., 2009).

Sediment was collected near an established eelgrass bed in Bokevik 
Bay (58◦14′N, 11◦26′E) at the Güllmarsfjord in Sweden at 6.3 m depth 
using a box corer, homogenized, sieved (500 μm) to remove fauna, and 
distributed into 16 cylindrical pots (10 cm diameter x 12.7 cm height, 1 
L) (Fig. 1a). To prevent resuspension, a 5 cm layer of fine sand was 
placed on top of each pot. Pots were placed in four hydraulic flumes 
(350 × 80 × 80 cm) equipped with wave makers (0.5 Hz frequency) and 
dampers, maintaining a 45 cm water level (Infantes et al., 2021) (Fig. 1b 
and c). Sediment properties were measured by collecting ~60 mL from 
each sediment type (n = 10), using a cut-off syringe and dried at 60 ◦C 
for approximately 48 h. Dry bulk density (DBD) was calculated as the 
dry weight of the sediment divided by the volume of the original sedi
ment sample. The percentage of water content of sediment (β) was 
determined as the difference between wet and dry sediment weight with 
respect wet weight. The average DBD values for mud were 0.61 ± 0.1 g 
DW cm− 3 with β = 34 ± 2 %, while the fine sand portion had 1 ± 0.1 g 
DW cm− 3 and β = 41 ± 3 %.

The flumes were preconditioned for five days with flow-through 
seawater (3–4 L min− 1, 18.2 ◦C, salinity 23.9 PSU, pH 8.0). Light con
ditions simulated natural coastal environments (14:10 light:dark cycle 
at 140 μmol photons m− 2 s− 1). This experimental setup allowed us to 
examine stressor effects under controlled but environmentally relevant 
hydrodynamic conditions while minimizing confounding factors. The 
bottom of the test section was covered with a “pot-bed” consisted of a 
PVC module with holes (10 cm diameter) distributed equidistantly along 
the test section to place the pots.

Zostera marina shoot were collected from Bokevik between 1 and 2 m 
depth. Shoots without visible signals of brown or necrotic black lesion 
area in leaves and intact rhizome-root systems were carefully extracted 
and transported to the laboratory within 20 min of collection. Plants 
were processed following techniques that allow successful transplants of 
eelgrass for experimentation (e.g., Kaldy et al., 2022; Egea et al., 2024a). 
The rhizomes were standardized to 4 cm (3–4 internodes) and roots to 4 
roots × 2 cm in length. Thirty-two uniform shoots (0.69 ± 0.014 g Fresh 
Weight shoot− 1; 13.25 ± 0.21 cm of canopy height) were planted in 
experimental unit (2 shoots/pot).

The mesocosms system received continuous flow-through seawater 
from the adjacent fjord, maintaining stable conditions through the 
experiment: temperature (18.2 ± 1 ◦C), salinity (23.9 PSU) and pH 
(8.0). Wave generation at 0.5 Hz frequency produced a gentle oscillatory 
flow with a mean velocity of 5 cm/s, simulating natural shallow-water 
hydrodynamic conditions (Infantes et al., 2021). Flow velocities were 
quantified using an acoustic Doppler velocimeter (Nortek, Vectrino, 
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ADV), configured with a 25 Hz sampling rate and 7 mm sampling vol
ume. Flow velocity measurements were performed at 10 cm above the 
bottom and 5 cm upstream of the experimental pots to avoid interfer
ence with seagrass leaves, following previous studies (Luhar et al., 
2010). The light system (HelioSpectra lamps) provided 140 μmol photon 
m− 2 s− 1 during 14:10 Light:Dark cycle, with 1-h sunrise/sunset transi
tion (3 steps of ±25 % light adjustment) providing a total daily photon 
flux of 7.4 mol photon m− 2 d− 1 to meet the optimal photosynthetic re
quirements for eelgrass growth (Olesen and Sand-Jensen, 1993).

2.2. Plant response variables

After 28 days of experimental period, plants were collected to esti
mate production (net production rate based on biomass), aboveground 
growth (through leaf growth rate, increase in canopy height and 
photosynthetic surface), belowground growth (through number and 
length of roots), and potential of expansion of the meadow cover 
(through new shoots appearance and rhizome length). The net produc
tion rate (NPR; mg FW shoot− 1 d− 1) was obtained by the difference 
between the fresh biomass at the end of the experiment and the initial 

fresh biomass of each shoot, divided by the experimental period. The 
leaf growth rate (LGR; cm shoot− 1 d− 1) was measured using a modified 
Zieman method widely used to estimate seagrass growth (Jiménez- 
Ramos et al., 2024b). A hypodermic needle was used to punch a hole just 
above the ligule in the youngest leaf of all shoots at the start of the 
experimental period. Marked shoots were collected at the end of the 
experimental period to estimate the LGR. The number of leaves loss (LL; 
n◦ leaves loss shoot− 1) was obtained by accounting the number of old 
leaves loss from the marked leaf for each shoot.

The increase in canopy height (Δ canopy height; cm) was calculated 
as the difference between the maximum leaf length at the end and at the 
beginning of the experimental period. The increase in leaf photosyn
thetic area rate (LPR; cm− 2 shoot− 1 d− 1) by using a ruler (± 0.1 cm) and 
digital caliper (± 0.01 mm) to measure the length and width of all leaves 
of shoots at the beginning and at the end of the experimental period. The 
increase in photosynthetic surface (ΔPS; cm2 shoot− 1 final/initial) was 
obtained as the LPRfinal/LPRinitial. The new shoots appearance (n◦ new 
shoots ⋅ initial shoot− 1) was obtained by accounting the number of new 
shoots per initial shoot. The rhizome elongation (i.e., increase of 
rhizome length; cm) was calculated as the difference between the 

Fig. 1. Experimental wave mesocosms system: (a) planting pots, (b) top view, c) side view of hydraulic flume generating 0.5 Hz waves (see Infantes et al. (2021) for 
details), and (d) experimental scheme of the eelgrass detritus decomposition assay (60 days).
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rhizome length at the end and at the beginning of the experimental 
period. All equations used for these estimates of plant growth are pro
vided in the Supplementary material.

The root system was characterised, by scanning the belowground 
biomass of shoots with a 600 dots per inch (DPI), Epson XP-2200 
scanner. The high-resolution images were processed using Image-J 
software with the SmartRoot plugging. SmartRoot is a semi-automated 
powerful tracing algorithm to plant roots characterization (Lobet 
et al., 2011). A calibration image to pixel/mm was made for each image 
using a ruler scanned along with each root system. Each root was 
manually traced and automatically measured with SmartRoot where the 
number of roots (n◦ roots shoot− 1) and roots length (cm) were 
determined.

2.3. Sample collection and measurement for microbiome

For the microbiome analysis, three shoots per treatment were asep
tically collected using sterile gloves. Shoots were carefully extracted 
from the sediment to maintain their root structure intact and were 
placed in sterile 50 mL vials. From each shoot, 1) phyllosphere samples 
from 8-cm sections of the second youngest leaf from each plant (n = 3), 
was collected and gently rinsed 3–5 times with sterile seawater, and 2) 
rhizosphere samples obtained by gently shaking roots to remove loose 
sediment, followed by washing with 0.2 μm filtered seawater to recover 
root-adhere microbes (Cúcio et al., 2016). Sterile DNA/RNA Shield 
preservative (Zymo Research, CA, USA) was used to store all micro
biome samples in DNA LoBind tubes at − 80 ◦C.

At Novogene GmbH (Munich, Germany), PCR amplification, library 
preparation, and sequencing were carried out. First, in accordance with 
internal corporate procedures, DNA concentrations were standardized 
across samples. The V4-V5 region of the 16S rRNA gene was then 
amplified using the primers 515F (GTGCCAGCMGCCGCGGTAA) and 
907R (CCGTCAATTCCTTTGAGTTT) (Westermann et al., 2017), and li
brary preparation was performed using the NEBNext® Ultra™ II DNA 
Library Prep Kit with index adapters synthesized in-house by Novogene. 
Qubit and real-time PCR were used to quantify the resultant libraries, 
and a bioanalyzer was used to evaluate the fragment size distribution. 
Libraries were then sequenced on the Illumina NovaSeq 6000 SP plat
form (Caporaso et al., 2012) with 150 bp paired-end reads, which 
yielded 5.04 million read-pairs in plant samples and 1.78 million read- 
pairs in eelgrass detritus samples. The chimeric sequences in Clean 
Tags were detected and removed, leaving the Effective Tags which were 
used for subsequent analysis. Reads were clustered into operational 
taxonomic units (OTUs) at 97 % similarity using the default Opti clus
tering method implemented in mothur.

2.4. Eelgrass detritus decomposition assay

At the end of 28-day exposure period, a decomposition experiment 
was conducted using three randomly selected pots per treatment (n = 3) 
(Fig. 1d). A sample of eelgrass aboveground biomass from each pot was 
weight (ca. 0.71 ± 0.06 g FW), placed in litter bags and buried at a depth 
of about 8–10 cm in each pot, respectively. The samples were held in a 
tank of 1000 L (1.5 × 1.5 m) with similar seawater conditions than used 
in exposition period. The tank had an open flow-through system (3.6 L 
min− 1), 18 ◦C, salinity of 23.9 PSU and 8 pH. After 60 days of incuba
tion, the biomass was weighed and dried (60 ◦C for 72 h) to obtain the 
dry weight. The biomass of the initial and the post incubation elapsed 
were measured to calculate the percentage of mass remaining after in
cubation. A part of the plant remains found in the litter bags were used 
to analyze the microbiota following the method described in the previ
ous section.

2.5. Data and statistical analyses

All statistical analyses and visualization were performed using R 

4.4.1 (R Core Team, 2024). Differences in response variables among the 
four treatments (control, NE, MPs and NE-MPs) were tested using 
generalized linear models (GLMs). Prior to this analysis, normality and 
homoscedasticity in the response variables were tested using the 
Shapiro-Wilk and Levene's tests, respectively. All response variables 
were initially modelled with a Gaussian distribution and identity link, 
but if the residuals of a Gaussian GLM for a given response variable did 
not meet the assumption of normality, a GLM with a Gamma error dis
tribution and reciprocal link function was used (which was the case for 
increase in photosynthetic surface, the number of roots, the maximum 
root length). The significance level (α) set for all tests was 0.05.

To visualize main changes in microbiota among treatments, OTUs 
were plotted and grouped into phylum (OTU reads assigned to chloro
plast, mitochondria and others rated as low-quality were removed from 
the plots and the subsequent analyses). Changes in bacterial diversity (i. 
e., the number of different OTUs observed) and abundance (i.e., the 
number of reads per OTU) was evaluated through a classification into 
bacterial families. Rarefaction curves were used to assess differences 
among treatments through rarefaction and extrapolation implemented 
in the ‘iNEXT’ R package (Hsieh et al., 2016). Microbiome dissimilarity 
between the two seagrass compartments (i.e., phyllosphere and rhizo
sphere) and among treatments were determined using non-metric 
multidimensional scaling (NMDS) based on the Bray-Curtis distance 
(Oksanen et al., 2024). Additionally, significant differences among ob
tained clusters were tested using a permutational multivariate analysis 
of variance (PERMANOVA) with 999 permutations implemented using 
the adonis function from the ‘vegan’ package. To explore which taxa 
most contributed to the observed dissimilarity (observed only in rhizo
sphere), similarity percentage analysis (SIMPER) with 999 permutations 
were used. The top-ranked OTUs in this analysis (i.e., those with the 
highest contribution to dissimilarity) were overlaid on the NMDS graph 
with the ‘envfit’ function (a list of all OTUs obtained from ‘envfit’ results 
is provided as Table S1 in the Supplementary material). In addition, to 
illustrate the differences in the rhizosphere bacterial assemblage among 
samples, the top 50 OTUs with the highest average difference in relative 
abundances between the two treatment clusters created by the Bray- 
Curtis dendrogram analysis was plotted.

3. Results

3.1. Effects on Z. marina plants

Microplastic exposure (MPs) significantly reduced eelgrass growth, 
reducing leaf growth rate (LGR) by − 39 % and aboveground biomass by 
− 35 % compared to control plants (Fig. 2a, b; Table S2 in the Supple
mentary material). In contrast, nutrient enrichment (NE) alone did not 
significantly affect these parameters relative to controls (Fig. 2a, b and 
Table S2). The combined treatment (MP + NE) produced effects com
parable to MPs alone, suggesting that MPs dominated the stress 
response.

Belowground biomass showed a different pattern, with all treatments 
exhibiting reductions versus controls (NE: − 27 %; MPs: − 35 %; com
bined: − 20 %), though only the MPs effect reached statistical signifi
cance (Fig. 2c). The most comprehensive metric, net production rate 
(NPR), revealed particularly severe impacts from MPs (− 57 %) and the 
combined treatment (− 67 %), indicating that this stressor substantially 
compromised overall plant productivity (Fig. 2d).

Nutrient enrichment (NE) alone did not significantly affect above
ground tissue production, maintaining photosynthetic surface and can
opy height comparable to control. In contrast, microplastic exposure 
(MPs) showed a non-significant reduction in these parameters (photo
synthetic surface: − 23.5 %; canopy height: − 14.5 %; Fig. 3a, b). How
ever, NE treatment showed the lowest rate of new shoots formation 
among all groups being the only significantly lower than control 
(Fig. 3c). While all experimental treatments displayed high leaf loss 
relative to controls, this effect reached statistical significance only in the 
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combined MP + NE treatment (Fig. 3d and Table S3 in the Supple
mentary material).

Control plants had the greatest rhizome elongation, while 

microplastics-exposed treatments (MPs and NE-MPs treatments) showed 
significantly reduced growth, declining by − 34.9 % and − 32.8 %, 
respectively (Fig. 4a). Similarly, both average and maximum root length 

Fig. 2. Effect of nutrient enrichment, microplastics and their combinations on (a) aboveground biomass, (b) leaf growth rate (LGR), (c) belowground biomass, and 
(d) net production rate (NPR) of eelgrass. Letters above SE indicate significant differences among treatments (p < 0.05).

Fig. 3. Effect of nutrient enrichment, microplastics and their combinations on (a) the increase in photosynthetic surface, (b) increase in canopy height, (c) new shoots 
appearance, and (d) number of leaves loss during experimental period. Letters above SE indicate significant differences among treatments (p < 0.05).

L.G. Egea et al.                                                                                                                                                                                                                                  Marine Pollution Bulletin 222 (2026) 118638 

5 



were significantly reduced in MP-exposed treatments (Fig. 4b). The 
combined NE-MPs treatment had the most pronounced and significant 
effect, demonstrating the strongest reduction in root number compared 
to all other groups (Fig. 4c; Table S4 in the Supplementary material).

3.2. Effects on the associated microbiome

After filtering low-quality, unidentified chloroplast, and mitochon
dria reads, 1,461,222 operational taxonomic units (OTUs) were identi
fied across all samples. The bacterial OTUs were classified into 436 
families (see repository dataset at https://doi.org/10.5281/zenodo.15 
490210). Microbial diversity differed markedly between plant com
partments, with 274 families in leaf-associated (phyllosphere) commu
nities compared to 383 in root-associated (rizhosphere) communities. 

The phyllosphere was dominated by Proteobacteria and Bacteroidota 
while the rhizosphere showed greater phylogenetic diversity with Pro
teobacteria, Campylobacterota, Bacteroidota and Desulfobacterota 
(Fig. 5).

Distance-based analyses show strong compartment-specific clus
tering of microbial communities, with clear separation between phyl
losphere and rhizosphere assemblages (PERMANOVA, F = 22.46, p- 
value < 0.001, and R2 = 0.51, Fig. S1). However, when analyzed 
separately, rhizosphere microbial communities were clustered based on 
exposure stressors, particularly among treatments with nutrient 
enrichment (with NE and NE-MPs treatments forming a separated 
branch) and control counterparts (PERMANOVA, F = 2.94, p-value =
0.0016, and R2 = 0.23) (Fig. 6a and b). By contrast, no such trend was 
observed in the phyllosphere microbiome. The rarefaction curves indi
cated that, either in phyllosphere and rhizosphere, the abundance was 
higher in the NE treatment compared to control counterpart, though 
difference was only statistically significant for abundance in rhizo
sphere. This tendency was attenuated when NE is combined with 
microplastics (i.e., NE-MPs treatment) (Fig. 6c; Table S5 in Supple
mentary material).

The main drivers of the clustering of the bacterial community in 
rhizosphere were the higher abundance of some families including 
groups involved in sulfur metabolism such as Arcobacteraceae, Desul
focapsaceae, Sedimenticolaceae, Desulfobacteraceae and Desulfovi
brionaceae and groups involved in remineralization and processing of 
organic carbon such as Spirochaetaceae, Bacteroidetes BD2-2 and Fla
vobacteriaceae, among others (Fig. 7). Conversely, Sulfurovaceae, 
Anaerolineaceae and Thermoanaerobaculaceae showed significant 
depletion in treatment groups. In addition, a trend toward the enrich
ment of certain families that are known to degrade complex polymeric 
substrates such as plant-derived polysaccharides and lignin was 
observed in samples in MPs treatment. This included families such as 
Flavobacteriaceae, Marinilabiliaceae, Sandaracinaceae, Bacteroidetes 
BD2-2, SB-5, Lachnospiraceae, Saprospiraceae and Colwelliaceae –1.7- 
fold higher by summing, from an average of 16 ± 2.4 % of relative 
abundance in control to 27.6 ± 3.2 % in MPs treatment.

3.3. Effects on eelgrass detritus decomposition

All experimental treatments significantly enhanced detrital decom
position, as evidenced by reduced remaining biomass relative to controls 
(Fig. 8a; Table S6 in Supplementary material). Nutrient enrichment (NE) 
showed the strongest effect (54.6 % mass loss increase), followed by the 
combined NE-MPs treatment (46 %), and MPs alone (35.8 %). These 
decomposition patterns corresponded with distinct microbial phylum- 
level shifts: Desulfobacterota dominated NE treatments, Spirochaetota 
characterised MPs exposed sediments, while NE-MPs treatments showed 
co-dominance of Bacteroidota and Desulfobacterota (Fig. 8b). Conse
quently, the rate of eelgrass detritus decomposition increased in expose 
treatments by x2.2 (NE), x1.5 (MPs), and x1.9 fold (NW-MPs) compared 
to control.

4. Discussion

This study provides the first comprehensive evidence that micro
plastic pollution in marine sediments fundamentally alters the carbon 
sequestration capacity of seagrass meadows through coupled plant- 
microbial interactions. The innovative mesocosm approach reveals 
three novel findings: (1) microplastics reduce Zostera marina's carbon 
storage potential both directly (via impaired growth) and indirectly (via 
accelerated detritus decomposition); (2) the observed 1.7-fold enrich
ment of polymer-degrading microbial taxa in MP-exposed sediments 
demonstrates a previously unrecognized pathway for plastic-induced 
carbon cycle disruption; and (3) nutrient enrichment exacerbates MP 
effects on belowground microbial sulfur cycling –a critical ecosystem 
service for seagrass survival. This mechanistic knowledge advances 

Fig. 4. Effect of nutrient enrichment, microplastics and their combinations on 
(a) final rhizome length, (b) number of roots, and (c) mean (left panel) and 
maximum (right panel) roots length. Letters above SE indicate significant dif
ferences among treatments (p < 0.05).
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beyond previous toxicity studies by quantifying how microplastics 
reshape ecosystem-scale functions on blue carbon habitats.

4.1. Eelgrass responses to MPs

This study demonstrates that microplastics (MPs) pollution 

significantly reduces eelgrass productivity, with particularly strong re
ductions in leaf growth rate (39 %), net production rate (57 %), and 
rhizome elongation (35 %) after 28 days of exposure. These findings 
extend previous short-term (<15 day) observations of MPs toxicity in 
seagrasses (Menicagli et al., 2022; Molin et al., 2023) by showing these 
stress responses persist through critical vegetative growth periods. For 

Fig. 5. Comparative phylum-level abundance between (a) phyllosphere and (b) rhizosphere microbial communities. Bubble size represents the average OTUs relative 
abundance (%) across treatments, while colour gradient (blue to red) indicates treatment specific increases or decreases relative to control conditions. (For inter
pretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)
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instance, Menicagli et al. (2022) reported oxidative stress, higher leaf 
loss rate and root degeneration during 12 days of polystyrene (PS) 
exposure in Cymodocea nodosa. In addition, Molin et al. (2023) reported 
lower respiration rate in Z. marina leaves exposed during 14 days to PE 
and PP.

The results demonstrated that microplastics exposure significantly 
reduced Zostera marina root development, reducing both root numbers 
and length. This observation aligns with documented MP-induced root 
damage across plant species, including cell viability in terrestrial plants 
(Kalčíková et al., 2017; Yu et al., 2021) and root degeneration in the 
seagrass Cymodocea nodosa (Menicagli et al., 2022). Such root archi
tecture alterations likely comprise nutrient uptake efficiency, creating a 
cascade effect that ultimately reduces whole-plant productivity and 
growth.

The observed reduction in plant growth can be attributed either the 
physical impact of microplastic polymers themselves or the leaching of 
plastic-associated chemical additives, which are incorporated during 
manufacturing to increase performance and durability (Hermabessiere 
et al., 2017). Polymers may obstruct root cell wall pores and modify the 
soil physicochemical properties, thereby impairing nutrient uptake and 
suppressing plant growth (Kalčíková et al., 2017; Ge et al., 2021). 
Additionally, direct root uptake of microplastics can induce oxidative 
stress and root degeneration and further compromising root function
ality (Menicagli et al., 2022). Beyond polymer effects, chemical addi
tives leached from microplastics can be absorbed by plants, where they 
reduce photosynthetic efficiency in both aquatic plants (Gao et al., 
2025) and seagrasses such as Cymodocea nodosa (Adamakis et al., 2021). 
These additives may also disrupt associated bacterial communities 

Fig. 6. Microbial community analysis showing dendrogram clusters based on Bray–Curtis dissimilarity matrix for (a) phyllosphere and (b) rhizosphere-associated 
microbes and (c) curves comparing rarefaction (interpolation) and extrapolation (prediction) calculated with the average abundance and family richness of each 
treatment in phyllosphere and rhizosphere.
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(Zhou et al., 2024), indirectly exacerbating impacts on host plants.
Interestingly, while MPs exposure did not significantly alter overall 

microbial richness or abundance in the rhizosphere, it induced distinct 
compositional shifts reducing or favoring different taxa. Particularly a 
50 % reduction in Rhodobacteraceae was found, which is known by 
both, attend community carbon fixation (Korlević et al., 2021) and 
because its role in antioxidant production (Miyamoto et al., 2023). In 
addition, an enrichment of Flavobacteriaceae, Marinilabiliaceae, and 
Bacteroidetes BD2-2 families were reported, which are known for their 
capacity to degrade complex polymeric substrates such as plant-derived 
polysaccharides and lignin (Wang et al., 2021). Along with these fam
ilies belonging to the phyla Bacteroidota, a notable increase in Proteo
bacteria (Fig. 5) was observed in the MPs treatment. Both phyla are 
usually found as secondary colonizers of the surface of MPs (i.e., once 
the biofilm around MPs is stabilized; Hou et al., 2025) in the marine 
systems. These findings suggest that MPs not only physically damage 
roots but also modify rhizosphere ecology by promoting microbial 
groups adapted to plastic surfaces, potentially creating feedback loops 

that further influence plant-microbe interactions and organic matter 
cycling.

While polypropylene (PP) and low-density polyethylene (LDPE) rank 
among the least hazardous polymers in some assessments (Lithner et al., 
2011) such classifications frequently exclude consideration of chemical 
additives (Yuan et al., 2022) and are inherently limited by the extremely 
high diversity of polymers formulations, production methods and 
environmental contexts (Omidoyin and Jho, 2024). Notably, PP and 
LDPE contain substantial additive loads (10 % by volume; Murphy, 
2001). Environmental factors including UV radiation and temperature 
can accelerate the leaching of these additives (Do et al., 2022), poten
tially creating significant risks (Maddela et al., 2023). In this study, these 
additives may represent a primary mechanism for the observed 
microplastic-biota interactions. However, as the experimental design 
did not include pure polymer controls, effects caused by the base poly
mers versus their chemical additives cannot be definitively distinguish. 
On the other hand, comparative studies indicate PP may pose a 
moderately higher environmental risk than LDPE (1.2-fold; Yuan et al., 

Fig. 7. Rhizosphere microbiome response to treatments. (a) Non-metric Multi-dimensional Scaling (NMDS) ordination of rhizosphere microbial communities, with 
95 % confidence ellipses for each treatment cluster. Arrows show OTUs with the highest contribution to dissimilarities (envfit; p < 0.001) based on SIMPER pairwise 
tests. Full OTUS list obtained from ‘envfit’ results in Table S1 in Supplementary material. (b) Top 50 OTUs differing most in relative abundances between clusters. 
Positive/negative values indicate enrichment/reduction between clusters. Asterisks mark significant differences (p < 0.05).
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2022) due to its distinct molecular structure (C-C/C-H bonds with 
methyl groups; Wu et al., 2023) and greater additive requirements, 
including UV stabilizers and toxic flame retardants (Zweifel, 2001). In 
addition, the observed size differences between LDPE (562 ± 34 μm) 
and PP (856 ± 61 μm) particles used in this study may have further 
influenced their bioavailability and interactions with seagrass tissues. 
However, determining the relative contributions of polymer type, par
ticle size, and additive chemistry to the observed growth reductions 
remains an important research gap that warrants targeted investigation 
in future studies.

4.2. Eelgrass responses to MPs and fertilization

The combined microplastic with nutrient enrichment (NE-MPs) 
treatment produced effects largely comparable to MP exposure alone, 
indicating that microplastics dominated the stress response. This finding 
contrast with expectation that nutrient enrichment would exacerbate 
stress responses, since the excess of N and P in sediment can result in 
reduction of eelgrass weight, leaf growth and leaf turnover rate due to 
ammonium toxicity (van Katwijk et al., 1997). However, the 

experimental conditions, characterised by pH (8.1) and high light 
availability, likely mitigated the toxic effects by facilitating ammonium 
assimilation into free amino acid compounds (van der Heide et al., 2008; 
Villazán et al., 2013), thereby preventing the anticipated decline in 
aboveground productivity. Despite this buffering effect, NE treatment 
alone still exhibited belowground impacts, including a reduction in new 
shoots formation and impaired root development. These changes could 
have long-term consequences for meadow stability, as belowground 
biomass might reduce anchoring strength, increasing susceptibility to 
hydrodynamic stress (Infantes et al., 2011). Collectively, these findings 
highlight that while high-light conditions may temporarily offset 
nutrient-driven stress, microplastics remain a primary driver of physi
ological impairment, with potential cascading effects on meadow 
resilience.

A significant increase in microbial abundance in both the phyllo
sphere and, especially, rhizosphere in plants that underwent fertilized 
sediments were found. The main drivers of these differences were due to 
changes on families mostly involved in sulfur metabolism and organic 
matter degradation process. Particularly, a stark increase of Arco
bacteraceae was found (Fig. 7), a Bacteroidota with a symbiotic 

Fig. 8. Effect of assessed factors and their combinations on (a) the eelgrass detritus remaining weight (% dry weight) and (b) the phyla assemblage on plant remains. 
Bubble patterns follow those from Fig. 5 (with relative abundance > 0.01 %).
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relationship with seagrasses to provide their nitrogen requirement to the 
plants while preventing sulfide toxicity (Crump et al., 2018). However, 
when fertilized sediments were combined with MPs a notable decrease 
of bacteria involved in sulfur cycle (0.45-fold lower in combined 
compared to NE treatment) was observed. Particularly, the abundance 
of Arcobacteraceae was striking lessened (on average from a relative 
abundance of 23.1 ± 9 in NE treatment to 2.8 ± 1.2 % in NE-MPs 
treatment) along with other sulfide-reducing bacteria, which suggests 
an impact of MPs on sulfur REDOX processes in sediments (Fraser et al., 
2023). Previous studies found that MPs like PP and LDPE affect both the 
soil microbial communities involved in sulfur metabolism and their soil 
enzyme activities (Dong et al., 2024). The results showed a previous 
unrecognized pathway in seagrass systems whereby microplastics un
dermine resilience by disrupting microbial-mediated sulfur cycling, a 
process critical for plant survival in reducing sediments.

4.3. Effects on eelgrass detritus decomposition assay

This study provides the first experimental evidence that micro
plastics significantly accelerate the rate of detritus decomposition in 
marine sediments, with decomposition rates increasing by 35–55 % over 
60 days. This can be partially attributed to two complementary mech
anisms: (1) the selective enrichment of Spirochaetota, a phylum 
involved in breakdown of complex organic matter in marine sediment 
such as those from seagrass meadows (Randell et al., 2023), and (2) 
nutrient-driven stimulation microbial biomass and extracellular enzyme 
activity associated with carbon cycling, particularly in NE-MPs treat
ments, which can favor the SOC remineralization (Liu et al., 2017).

The observed priming effect of microplastics promoting the decom
position of eelgrass litter in sediments can be attributed to their dual role 
as both microbial substrates and sediment modifiers. MPs can provide 
more favorable living environments for some microorganisms known for 
consuming organic compounds in sediments (Fei et al., 2020; Tu et al., 
2023). This is because MPs can act as a substrate for heterotrophic mi
croorganisms to colonise (Arias-Andres et al., 2018) and they can alter 
the sediment mean grain size and permeability, favoring the exchange of 
nutrients and oxygenation with the surrounding water-column (Wang 
et al., 2016; Gerstenbacher et al., 2022). The obtained results are 
consistent with findings from Litchfield et al. (2023) who reported a 
significant increase of Zostera muelleri detritus decomposition in sedi
ments exposed to disposable surgical masks (composed of various 
plastics, including PP, PE and PS). These authors attributed their result 
mainly to the size of the filter of the mask (~2.5 μm) that increase area of 
substrate for heterotrophic microorganisms to colonise.

4.4. Ecological implications

Vegetated coastal communities such as seagrasses (Fourqurean et al., 
2012), rhizophytic algae (de los Santos et al., 2023), or saltmarshes 
(Jiménez-Ramos et al., 2025) are among the most effective ecosystems 
on Earth at sequestering organic carbon. However, this study demon
strates that microplastics pollution directly threatens carbon seques
tration capacity of coastal vegetated ecosystems. The reported MP- 
induced reductions in seagrass biomass and rhizome elongation 
directly compromise eelgrass carbon storage through dwindling 
autochthonous carbon inputs (Champenois and Borges, 2021), while the 
observed acceleration of detritus decomposition further increase carbon 
remineralization (Yamuza-Magdaleno et al., 2024). Furthermore, low- 
density or degraded seagrass meadows favor the release of OC stock 
from upper sediments compared to higher biomass meadows (Egea 
et al., 2023a), due to increased transfer of dissolved organic carbon 
(DOC) from the sediment to the water column (Chipman et al., 2010), 
and by higher degradation of organic matter by sediment bacteria 
(Jiménez-Ramos et al., 2024a; Ren et al., 2024).

The ecological consequences can be extended beyond carbon 
cycling. Reduced carbon reserves in MP-exposed plants may diminish 

their resilience to additional stressors including those related with 
human-induced impacts such as warming or light limitation (Jiménez- 
Ramos et al., 2023) or natural impacts such as higher herbivory stress 
(Egea and Jiménez-Ramos, 2025b), potentially triggering feedback 
loops that exacerbate meadow degradation. In addition, the lower sea
grass biomass and density found in this study may also affect to the food 
web and biodiversity due to the lower plant biomass for herbivory or 
shelter (Jiménez-Ramos et al., 2021, 2024b). These findings establish 
microplastics as a previously underappreciated driver of carbon cycle 
alteration in coastal vegetated ecosystems, warranting urgent consid
eration in coastal management strategies. However, this study is not 
without methodological limitations. While mesocosm experiments may 
not fully replicate natural field conditions (e.g., sediment heterogeneity, 
shifts in hydrodynamic forcing, or community interactions), they pro
vide a controlled platform to isolate and mechanistically evaluate 
stressor impacts on coastal vegetated habitats (Short, 1987; de la Hoz 
et al., 2025). This is particularly relevant for seagrass-microbiome- 
carbon feedbacks as critical step toward predicting real-world 
ecosystem responses. In addition, temperate seagrasses display distinct 
seasonal dynamics in growth and physiology driven by natural varia
tions in light, temperature, and other environmental factors (Moore and 
Wetzel, 2000). Importantly, their sensitivity to stressors, including 
microplastics and nutrient enrichment, can vary significantly across 
seasons (e.g., Breiter et al., 2024; Egea et al., 2023c). While our study 
provides critical baseline data under summer conditions (peak growth 
period), future field experiments should assess these stressor in
teractions across seasonal cycles to (1) validate our findings under 
natural environmental variability, (2) identify potential seasonal win
dows of heightened vulnerability, and (3) improve predictions of long- 
term impacts on seagrass carbon sequestration capacity.

This study provides novel results into MPs impacts on eelgrass 
physiology, associated microbiome and ecological functions, however, 
several important questions remain regarding MPs fate and trans
formation processes. The experimental design did not specifically track 
MPs degradation, though we recognize that even during the 28-day 
exposure period, the incorporated LDPE and PP particles likely under
went initial modifications through three concurrent processes: 1) me
chanical degradation through hydrodynamical forces (Chubarenko 
et al., 2018), 2) environmental conditions such as photo- and chemical- 
oxidation (Sutkar et al., 2023), and 3) biological degradation through 
community interactions (Yan et al., 2024). Although MPs degrade on 
nature at a slow rate (Sutkar et al., 2023), the short-term degradation 
process can also affect to the community response and the coastal carbon 
cycle. For instance, the release of dissolved organic carbon (DOC) during 
the first stages of MPs degradation can trigger a relevant carbon input 
into the system (Romera-Castillo et al., 2018), exhibits a substantial 
influence on microbial activity (Egea et al., 2024b) and on the biogeo
chemical processes within the environment (Liu et al., 2024), resulting 
in a cascade of effects on the entire community still inadequately un
derstood. Further experimentations are needed not only to validate the 
obtained results under natural variability but to specifically clarify the 
mechanism of interactions between MPs and both, seagrass microbiome 
and plants, and also characterize the degradation of MPs as they impact 
ecosystems.

5. Conclusions

This study demonstrates that microplastics reduces Zostera marina 
growth by disrupting rhizosphere microbiomes, inducing oxidative 
stress and damaging roots. While high light mitigated nutrient effects, 
microplastic exposure consistently reduced productivity (39–57 %), 
rhizome elongation (32–35 %), and root growth (20–35 %), while 
accelerating detritus decomposition (1.5–2.2×). These impacts, com
bined with sulfide cycle disruption, threaten seagrass carbon seques
tration capacity. Future research would be necessary to assess the 
mechanisms of the interaction between microplastics and seagrasses 
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(through the impact of polymers themselves or by their chemical addi
tives) and evidence which polymer played the greatest impact in these 
communities. The findings recommend the need for urgent management 
actions addressing microplastics pollution in costal ecosystems.

CRediT authorship contribution statement

Luis G. Egea: Writing – review & editing, Writing – original draft, 
Methodology, Investigation, Formal analysis, Data curation. Rocío 
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Korlević, M., Markovski, M., Zhao, Z., Herndl, G.J., Najdek, M., 2021. Seasonal dynamics 
of epiphytic microbial communities on marine macrophyte surfaces. Front. 
Microbiol. 12, 671342. https://doi.org/10.3389/fmicb.2021.671342.

Lamers, L.P.M., Govers, L.L., Janssen, I.C.J.M., Geurts, J.J.M., Van der Welle, M.E.W., 
Van Katwijk, M.M., et al., 2013. Sulfide as a soil phytotoxin—a review. Front. Plant 
Sci. 4, 00268. https://doi.org/10.3389/fpls.2013.00268.

Li, C., Zhu, L., Li, W.-T., Li, D., 2023. Microplastics in the seagrass ecosystems: a critical 
review. Sci. Total Environ. 902, 166152. https://doi.org/10.1016/j. 
scitotenv.2023.166152.

Litchfield, S.G., Tan, M., Schulz, K.G., Kelaher, B.P., 2023. Disposable surgical masks 
affect the decomposition of Zostera muelleri. Mar. Pollut. Bull. 188, 114695. https:// 
doi.org/10.1016/j.marpolbul.2023.114695.

Lithner, D., Larsson, Å., Dave, G., 2011. Environmental and health hazard ranking and 
assessment of plastic polymers based on chemical composition. Sci. Total Environ. 
409, 3309–3324. https://doi.org/10.1016/j.scitotenv.2011.04.038.

Liu, S., Jiang, Z., Wu, Y., Zhang, J., Arbi, I., Ye, F., et al., 2017. Effects of nutrient load on 
microbial activities within a seagrass-dominated ecosystem: implications of changes 
in seagrass blue carbon. Mar. Pollut. Bull. 117, 214–221. https://doi.org/10.1016/j. 
marpolbul.2017.01.056.

Liu, X., Fang, L., Gardea-Torresdey, J.L., Zhou, X., Yan, B., 2024. Microplastic-derived 
dissolved organic matter: generation, characterization, and environmental 
behaviors. Sci. Total Environ. 948, 174811. https://doi.org/10.1016/j. 
scitotenv.2024.174811.

Lobet, G., Pagès, L., Draye, X., 2011. A novel image-analysis toolbox enabling 
quantitative analysis of root system architecture. Plant Physiol. 157, 29–39. https:// 
doi.org/10.1104/pp.111.179895.

Luhar, M., Coutu, S., Infantes, E., Fox, S., Nepf, H., 2010. Wave-induced velocities inside 
a model seagrass bed. J. Geophys. Res. Oceans 115. https://doi.org/10.1029/ 
2010JC006345.

Luhar, M., Infantes, E., Nepf, H., 2017. Seagrass blade motion under waves and its impact 
on wave decay. J. Geophys. Res. Oceans 122, 3736–3752. https://doi.org/10.1002/ 
2017JC012731.

Maddela, N.R., Kakarla, D., Venkateswarlu, K., Megharaj, M., 2023. Additives of plastics: 
entry into the environment and potential risks to human and ecological health. 
J. Environ. Manag. 348, 119364. https://doi.org/10.1016/j.jenvman.2023.119364.

McHenry, J., Rassweiler, A., Hernan, G., Uejio, C.K., Pau, S., Dubel, A.K., Lester, S.E., 
2021. Modelling the biodiversity enhancement value of seagrass beds. Divers. 
Distrib. 27, 2036–2049. https://doi.org/10.1111/ddi.13379.

Menicagli, V., Castiglione, M.R., Balestri, E., Giorgetti, L., Bottega, S., Sorce, C., et al., 
2022. Early evidence of the impacts of microplastic and nanoplastic pollution on the 
growth and physiology of the seagrass Cymodocea nodosa. Sci. Total Environ. 838, 
156514. https://doi.org/10.1016/j.scitotenv.2022.156514.

Miyamoto, H., Kawachi, N., Kurotani, A., Moriya, S., Suda, W., Suzuki, K., et al., 2023. 
Computational estimation of sediment symbiotic bacterial structures of seagrasses 
overgrowing downstream of onshore aquaculture. Environ. Res. 219, 115130. 
https://doi.org/10.1016/j.envres.2022.115130.

Molin, J.M., Groth-Andersen, W.E., Hansen, P.J., Kühl, M., Brodersen, K.E., 2023. 
Microplastic pollution associated with reduced respiration in seagrass (Zostera 
marina L.) and associated epiphytes. Front. Mar. Sci. 10, 1216299. https://doi.org/ 
10.3389/fmars.2023.1216299.

Moore, K.A., Wetzel, R.L., 2000. Seasonal variations in eelgrass (Zostera marina L.) 
responses to nutrient enrichment and reduced light availability in experimental 
ecosystems. J. Exp. Mar. Biol. Ecol. 244, 1–28. https://doi.org/10.1016/S0022-0981 
(99)00135-5.

Murphy, J., 2001. Additives for Plastics Handbook. Elsevier Science Ltd, Oxford. 
Oksanen, J., Blanchet, F.G., Kindt, R., Legendre, P., Minchin, P.R., O’hara, R.B., et al., 

2024. Package ‘vegan’. Community Ecology Package, Version, 2(9), pp. 1–295.
Olesen, B., Sand-Jensen, K., 1993. Seasonal acclimatization of eelgrass Zostera marina 

growth to light. Mar. Ecol. Prog. Ser. 94, 91–99. https://doi.org/10.3354/ 
meps094091.

Omidoyin, K.C., Jho, E.H., 2024. Environmental occurrence and ecotoxicological risks of 
plastic leachates in aquatic and terrestrial environments. Sci. Total Environ. 954, 
176728. https://doi.org/10.1016/j.scitotenv.2024.176728.
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Eklöf, J.S., Jarvis, J.C., et al., 2019. Global challenges for seagrass conservation. 
Ambio 48, 801–815. https://doi.org/10.1007/s13280-018-1115-y.

van der Heide, T., Smolders, A.J.P., Rijkens, B.G.A., van Nes, E.H., van Katwijk, M.M., 
Roelofs, J.G.M., 2008. Toxicity of reduced nitrogen in eelgrass (Zostera marina) is 
highly dependent on shoot density and pH. Oecologia 158, 411–419. https://doi. 
org/10.1007/s00442-008-1155-2.

van Katwijk, M., Vergeer, L., Schmitz, G., Roelofs, J., 1997. Ammonium toxicity in 
eelgrass Zostera marina. Mar. Ecol. Prog. Ser. 157, 159–173. https://doi.org/ 
10.3354/meps157159.

Vilaplana, M.I., Egea, L.G., Bautista-Chamizo, E., Rodríguez-Romero, A., Tollardo, R., 
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Yamuza-Magdaleno, A., Jiménez-Ramos, R., Casal-Porras, I., Brun, F.G., Egea, L.G., 
2024. Long-term sediment organic carbon remineralization in different seagrass and 
macroalgae habitats: implication for blue carbon storage. Front. Mar. Sci. 11, 
1370768. https://doi.org/10.3389/fmars.2024.1370768.
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